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Methylmercury (MeHg) bioaccumulation in marine food
webs poses risks to fish-consuming populations and wildlife.
Here we develop and test an estuarine mercury cycling model
for a coastal embayment of the Bay of Fundy, Canada. Mass
budget calculations reveal that MeHg fluxes into sediments from
settling solids exceed losses from sediment-to-water diffusion
and resuspension. Although measured methylation rates in
benthicsedimentsarehigh,rapiddemethylationresultsinnegligible
net in situ production of MeHg. These results suggest that
inflowing fluvial and tidal waters, rather than coastal sediments,
are the dominant MeHg sources for pelagic marine food
webs in this region. Model simulations show water column
MeHg concentrations peaked in the 1960s and declined by
almost 40% by the year 2000. Water column MeHg concentrations
respond rapidly to changes in mercury inputs, reaching 95%
of steady state in approximately 2 months. Thus, MeHg
concentrations in pelagic organisms can be expected to respond
rapidly to mercury loading reductions achieved through
regulatory controls. In contrast, MeHg concentrations in sediments
have steadily increased since the onset of industrialization
despite recent decreases in total mercury loading. Benthic food
web MeHg concentrations are likely to continue to increase
over the next several decades at present-day mercury emissions
levels because the deep active sediment layer in this system
contains a large amount of legacy mercury and requires hundreds
of years to reach steady state with inputs.
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Introduction
High levels of exposure to methylmercury (MeHg) from fish
consumption causes adverse health effects on humans and
wildlife (1, 2). Approximately 90% of fish consumed in the
U.S. population are from estuarine and marine systems (3).
Since MeHg is actively produced in coastal and shelf
sediments (4-6) and tidal salt marshes (7), these systems are
an important vector for entry of MeHg into marine food webs.
Evaluating the magnitude of Hg loading reductions needed
to maintain fish tissue levels below regulatory guidelines
considered safe for human consumption requires a quantitative analysis of estuarine mercury (Hg) cycling processes
(8). Here we develop an ecosystem model of Hg dynamics
to investigate anthropogenic impacts on estuarine MeHg
levels. To do this, we reconstruct historical mercury loading
(1850-2000) from atmospheric deposition, tides, and rivers
to a coastal embayment in eastern Canada using sediment
core data and global models.
Anthropogenic Hg emissions in eastern Canada and the
northeastern United States peaked in the 1970s and have
declined by over 50% since this time (9, 10). Despite these
reductions in emissions, Hg concentrations in some freshwater and marine fish and wildlife remain high (11, 12). Fish
consumption advisories throughout this region warn of health
risks associated with Hg exposure for pregnant women and
other sensitive groups (13). Time scales required for Hg to
cycle through freshwater and marine ecosystems are highly
variable and can range from several years to many decades
(14-17). Environmental fate and bioaccumulation models
are critical for synthesizing best-available process understanding and for determining how the legacy of anthropogenic Hg loading has affected biological MeHg concentrations. Such information is essential for developing effective
management strategies and emission reduction targets. Here
we develop such a fate and transport model and apply it to
Passamaquoddy Bay, a macrotidal estuary located at the
mouth of the Bay of Fundy, Canada. This region has
historically supported large fish populations and provides
critical habitat for wildlife (18), in part due to its unique
hydrography and extreme tidal range that reaches up to 16 m
at the mouth of the Bay of Fundy (19). Protecting coastal
water quality is vital for the local economy because approximately 20,000 U.S. and Canadian fishers depend on
marine resources in this region (20).
This study’s main objective is to develop an analytical
framework for better understanding the biogeochemical
cycling of Hg in coastal ecosystems. The model developed
here simulates changes in MeHg concentrations between
1850 and 2000 using the trajectory of historical loading from
several data sources (4, 16, 21). We evaluate the model’s
performance using sensitivity analyses and by comparing
results to measurement data from our previous research
(4, 21-24). We apply the model to (a) quantify the relative
importance of different sources of mercury loading (atmospheric, tidal, riverine); (b) characterize time scales required
for anthropogenic Hg to cycle through this ecosystem; and
(c) assess impacts of anthropogenic Hg on MeHg reservoirs
and fluxes driving the bioavailable Hg pool at the base of the
food web. To our knowledge, this is the first ecosystem-scale
simulation of how changing loading from anthropogenic
sources over the last 150 years has impacted estuarine MeHg
levels.

Methods

Site Description. Passamaquoddy Bay is a semienclosed
macrotidal estuary (Figure 1). Strong currents and tidal mixing
10.1021/es9032524
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inhibit thermal stratification of the water column during
summer months. Forests cover most of the watershed (4225
km2), with the exception of a narrow floodplain that
supports mixed farming and light industry (25). Water
temperatures vary from a low of -1 °C in winter to 16 °C
in summer (26). The average water depth is 30 m (maximum
of ∼70 m) and salinities range between 26‰ and 33‰
(26). As a smaller and tidally dynamic system enclosed by
the Bay of Fundy, Passamaquoddy Bay differs from
previously studied larger estuaries such as Long Island
Sound (27) and Chesapeake Bay (28) that have much longer
water residence times.
General Model Description. We developed equations to
describe the transport and partitioning of each of the three
main forms of mercury (elemental Hg: Hg(0), divalent Hg:
Hg(II), and MeHg) in water and sediments (Supporting
Information (SI) Figure S1) using the general fate and
transport modeling framework developed by Gobas et al.
(29, 30). All model compartments are assumed to be wellmixed, and benthic sediments are divided into an active layer
and a truly buried inaccessible sediment layer (4). External
loading from atmospheric deposition (A), rivers (R), and tidal
inflow (TL) drives the model, which is run with a temporal
resolution (t) of one day. A larger time-step results in
numerical instability because many of the reaction rates are
very fast (e.g., oxidation and reduction). One-step forward
Euler-type numerical integration is used to compute changes
in the mass of each Hg species in water (Mw) and sediments
(Ms) over time. For total Hg this is represented by the following
general equations:

dMw
) (A + R + TL) + (kres + kdiff)Ms dt
(kev + ko + ksett)Mw (1)
dMs
) ksettMw - (kres + kbur + kdiff)Ms
dt

(2)

Rate coefficients (d-1) shown in eqs 1 and 2 and Figure
S1 represent tidal outflow (ko), sediment resuspension (kres),
sediment settling (ksett), diffusion (kdiff), burial (kbur), and Hg(0)
evasion (kev). Rates of interspecies conversions in the
differential equations for MeHg, Hg(0) and Hg(II) (SI Section
II, Figure S1) are described using rate coefficients for Hg(II)
reduction (kred), Hg(0) oxidation (kox), Hg(II) methylation (km),
MeHg demethylation (kdm), and MeHg photodecomposition
(kdmw). All rate coefficients represent annually averaged values
and include in their calculation partitioning of Hg species
between the dissolved and solid phases (see SI for details).
Additional information on methods and data used to derive
model rate coefficients is provided in SI Section IV.
External Inputs from Rivers, Tides, and Atmospheric
Deposition. In previous research, we estimated mean anthropogenic enrichment factors (AEF ) 2000 loading/1850
loading) for atmospheric deposition (3.2 ( 0.4) and freshwater
inputs (3.6 ( 1.9). Here we reconstruct annual loading
between 1850 and 2000 by combining measured presentday (year 2000) inputs with historical loading information
from sediment cores and global models. For atmospheric
deposition and fluvial inputs, we multiplied measured
contemporary inputs by the relative changes in loading
indicated by sediment core data (4, 21). Sediment cores used
to reconstruct historical atmospheric deposition were from

FIGURE 1. Map of study region showing spatially interpolated measured total Hg and MeHg concentrations and burial rates used to
calculate the contemporary (ca. 2000) reservoirs in sediments and burial fluxes. Information on sampling locations, analytical
methods, and correlations with ancillary sediment characteristics can be found in Sunderland et al. (4, 24).
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tidal salt marshes, lakes, and bogs in the region, while cores
from the mouth of the St. Croix River (the major freshwater
tributary) were used to reconstruct historical loading from
rivers. To characterize changes in Hg fluxes from tidal inflows,
we used data from Sunderland and Mason (16) showing the
Atlantic Ocean (35°S-55°N) has been enriched in total Hg
by 58% since preindustrial times. Because no historical
oceanic Hg trend data are available, we assume that changes
in tidal inputs increase linearly between 1850 and 2000 to
the contemporary enrichment level (16).
Year 2000 inputs are based on measured Hg concentrations and hydrological fluxes for each source. Inflowing tidal
water volume (Ti) is estimated from the difference between
tidal outflow (To) and the sum of freshwater inflow (R) and
inputs through precipitation (P) (i.e., Ti ) To - R - P).
Concentrations of Hg species in tidal water are based on
data from Dalziel et al. (22), who measured unfiltered
seawater concentration profiles at 15-50 m vertical intervals
in the Bay of Fundy between 2000 and 2002 (mean Hg: 1.20
( 0.34 pM; mean MeHg: 0.29 ( 0.11 pM). No data are available for Hg(0), therefore we assumed that the fraction of
total Hg present as Hg(0) in tidal waters is 13 ( 6%
corresponding to the overall mean and standard deviation
of the fraction present in the Atlantic Ocean at comparable
latitudes compiled by Sunderland and Mason (16).
Monthly fluvial discharges into Passamaquoddy Bay are
reported by Gregory et al. (19). Annually averaged Hg
concentrations in the three major freshwater tributaries (Hg:
19.0 ( 7.6 pM; MeHg: 1.22 ( 0.25 pM) are based on previous
studies (22, 31) that measured unfiltered Hg concentrations
and suspended particulate content over several seasons (SI
Table S2). Total (wet + dry) atmospheric deposition (54.8 (
0.5 nmol m-2 yr-1) is based on measurements and models
described in detail elsewhere (21). Wet atmospheric deposition rates (mean 30.9 ( 6.7 nmol m-2 yr-1) were taken from
measurements at the St. Andrews Mercury Deposition
Network (MDN) Station (NB-02) (SI Table S2). Inputs of MeHg
in precipitation are from Environment Canada measurements
at nearby field stations showing MeHg is on average 1.6 (
1.2% of total Hg in precipitation (22).
Empirically Constrained Mass Budget. We developed
an empirically constrained mass budget for the year 2000
using measured sediment and water concentrations. We used
depth integrated seawater concentrations for total Hg (1.27
( 0.23 pM) and MeHg (0.25 ( 0.07 pM) measured in
Passamaquoddy Bay (November 2001) and the four closest
Bay of Fundy sampling stations (June 2001-August 2002) (SI
Table S2) to characterize the contemporary water column
reservoirs of total Hg and MeHg (22). Because no direct
measurements of Hg(0) concentrations in seawater are
available, we specified rate coefficients for oxidation and
reduction measured in other coastal systems (SI Section IV)
and allowed concentrations to reach steady state. We also
estimated the accumulation of Hg and MeHg in primary
producers based on a reported primary productivity of 296 g
C m-2 yr-1 (32), measured concentrations in dinoflagellates
and diatoms (total Hg: 14.0 ( 4.1 and MeHg: 0.75 ( 0.55
pmol g-1 wet weight) in the Bay of Fundy (11), an 80%
moisture content, and assumed that 50% of the plankton dry
weight is carbon (32).
In previous work, we measured a deep active sediment
layer of 0.15 m (4) that exchanges Hg with the water column
and buried sediments through resuspension, diffusion, and
burial (33). Spatial heterogeneity in sediment Hg concentrations (34, 35) can introduce substantial error into box model
calculations that are based on mean concentrations from a
limited sampling population. To account for this heterogeneity, we spatially interpolated measurement data for total
Hg (n ) 56) and MeHg (n ) 52) reported in our previous
work (4, 24) using several algorithms (Variogram, Drift Type,
1700
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and Nugget Effect models) (36). Sediment reservoir calculations were completed by summing volume estimates for each
cell defined in the spatial grid (see burial flux diagram Figure
1) using the Trapezoidal Rule, Simpson’s Rule, and Simpson’s
3/8 Rule, where the difference among methods was used to
estimate the error among volume calculations (37). Figure
1 shows the spatially interpolated concentrations of total Hg
and MeHg in benthic sediments used to derive mass budgets
shown in Figure 2.
Preindustrial Budget and Time-Dependent Simulation.
We developed a preindustrial budget for Hg by assuming
local steady state with 1850 loading, and that no changes in
present-day sedimentation rates have occurred in the Bay.
We drive the preindustrial steady state model with reconstructed historical loading between 1850 and 2000, and force
the simulation for an additional 50 years (to 2050) with
constant 2000 loading rates to project changes in water and
sediment concentrations over time.
Model Evaluation and Sensitivity Analysis. For all
simulations and mass budget calculations we show upper
and lower bounds for modeled Hg concentration changes
based on 95% confidence intervals for measured inputs from
rivers, tides, and atmospheric deposition. We conducted
detailed sensitivity analysis on model inputs and parameters,
including the net methylation rate in benthic sediments, the
reduction rate coefficient, the depth of the active sediment
layer, alternate formulations of the gas exchange flux (38, 39),
and upper and lower bounds for diffusion coefficients (27, 34).
We also compare results from the time-dependent model
simulation to available measured Hg concentrations.

Results and Discussion

Model Evaluation. Comparing model simulated water and
sediment Hg concentrations to independent data shows
reasonable agreement given the error and uncertainty in
historical loading (Figure 3). Year 2000 measurements of water
column total Hg and MeHg (Figure 3) suggests that model
predicted concentrations are biased slightly high relative to
observations. However, natural stochasticity in Hg concentrations (16) and limited sample sizes means observations
are also subject to error and uncertainty. We could not
comprehensively test model performance by comparing
results to measurement data because limited information
on temporal trends in Hg concentrations are available. We
use model sensitivity analysis to further investigate factors
controlling results presented in the remaining sections.
MeHg Production and Diffusion from Benthic Sediments. In previous work we measured substantial Hg(II)
methylation in sediments (153 pmol m-2 d-1). Year 2000 mass
budget results shown in Figure 2 indicate that in situ MeHg
production in sediments is not the major MeHg source for
the water column and pelagic organisms, assuming MeHg
from different sources is equally bioavailable. Figure 2 further
shows that the sum of MeHg inputs from settling particles
and losses from sediment-to-water diffusion and resuspension results in a net contribution from the water column to
benthic sediments of at least 25 pmol m-2 d-1. Thus,
sediments in this system are an overall sink for water column
MeHg. Even combining the upper bound for diffusive fluxes
of MeHg with the lower bound for Hg(II) (maximizing
methylation and minimizing demethylation) does not result
in appreciable net MeHg formation in the sediments given
the magnitude of inputs from settling particles (Figure 2)
and constraints imposed by measured MeHg concentrations
in sediments (0.7-0.8% of total Hg in sediments, Figure 1).
Time dependent model simulations show MeHg inputs
from settling particles are sufficient to account for observed
MeHg accumulation in sediments (Figure 3). Even if all
MeHg produced in situ were demethylated, it is plausible
that MeHg could continue to accumulate in sediments due to

FIGURE 2. Empirically constrained mass budgets for total Hg and MeHg in the year 2000 based on measured water and sediment Hg
and MeHg concentrations. Error bars represent 95% confidence intervals around loading and measured concentrations except for
sediment reservoirs and mass flow rates, which are based on spatial interpolations of field data. Ranges for diffusion and
methylation/demethylation represent scenarios based on high/low diffusion coefficients for Hg species in interstitial waters. Large
mass flow rates in the water column compared to the reservoir size results in rapid concentration changes with alterations in
inputs, while the larger Hg and MeHg reservoirs and smaller mass flow rates in sediments results in a slower temporal response.
inputs from settling particles, assuming MeHg sorbed to settling solids is sufficiently recalcitrant to survive transit.
Previous studies have constructed estuarine Hg mass
budgets without considering the relative magnitude of MeHg
inputs to sediments from settling solids (27, 28, 40). These
studies have postulated that diffusive fluxes of MeHg from
estuarine sediments account for the majority of water column
MeHg and accumulation in estuarine biota. In contrast,
Figure 2 shows that MeHg concentrations in the water column
of Passamaquoddy Bay are most affected by external MeHg
inputs from tides and rivers (23.1 mol yr-1) rather than MeHg
from estuarine sediments (-0.83 mol yr-1). Model sensitivity
analysis reveals that increasing the benthic sediment methylation rate by 60% increases water column MeHg concentrations by only 2.1% (SI Figure S2). The relative importance of sediment-to-water diffusion of MeHg compared to
external MeHg inputs to the water column (40) and/or water
column methylation (41) could be similarly tested using data
from other systems such as Chesapeake Bay and Long Island
Sound (28, 40).
Although model calculations show that methylation and
demethylation rates in sediments are approximately balanced, these processes turn over approximately 50% of the
sediment MeHg reservoir on an annual basis (Figure 2). Time-

dependent simulations presented in Figure 3 do not account
for environmental changes that could alter sedimentary
methylation and demethylation rates (4, 24). Model sensitivity
analysis (SI Figure S2) shows that such changes in the balance
of sediment methylation and demethylation would cause
large and near proportional changes in sediment MeHg
concentrations. Increases in sediment methylation rates
could therefore rapidly increase benthic food web exposures.
Water Column Hg Fluxes. For the year 2000 mass budget,
the largest inputs of total Hg are from rivers, and the largest
output is associated with tidal outflow (Figure 2). Evasion of
Hg(0) at the air-sea interface (334 ( 118 pmol m-2 d-1) is
greater than the total Hg inputs from direct deposition (150
( 14 pmol m-2 d-1) indicating that the estuary is a net Hg
source to the atmosphere. Comparing evasion of Hg(0) for
the year 2000 calculated using the scheme developed by
Nightingale et al. (38) (16.1 mol yr-1, 334 pmol m-2 d-1) used
in our standard simulation to the low-end estimate (42, 43)
from the model developed by Liss and Merlivat (39) (11.1
mol yr-1, 230 pmol m-2 d-1) shows a 30% decline in water
column Hg(0) losses. Aqueous reduction of Hg(II) and
subsequent evasion of Hg from seawater removes inorganic Hg that could potentially be converted to bioavailable
MeHg. However, MeHg concentrations in seawater are
VOL. 44, NO. 5, 2010 / ENVIRONMENTAL SCIENCE & TECHNOLOGY
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FIGURE 3. Reconstructed historical Hg loading to Passamaquoddy
Bay between 1850 and 2000 and modeled changes in water, sediments, and biota. Constant loading is assumed between 2000 and
2050. Gray lines represent 95% confidence intervals around loading
and concentrations based on measured variability in inputs from
atmospheric deposition, rivers, and tides. Measured concentrations
are shown as diamonds. Projected changes in polychaetes (biota
sediment accumulation factor ) 8.6 × 103) and euphausiids (bioaccumulation factor ) 1.1 × 105) are calculated by assuming steady
state with dissolved MeHg concentrations.
relatively insensitive to both the choice of evasion scheme
and reduction rate coefficients. Model sensitivity analysis
showed that a 60% increase in the water column Hg(II) reduction
rate coefficient results in a less than 1% decline in MeHg
concentrations in the year 2000 (SI Table S1). Similarly, the low
(Liss and Merlivat) evasion estimates increase water column
MeHg for the year 2000 by less than 1%.
For MeHg, tidal inflow represents the largest MeHg input
into the water column due to large inflowing water volumes
and a relatively high fraction of total Hg as MeHg (∼24%)
(Figure 2). Ambient MeHg concentrations that determine
exposure of organisms will therefore be most affected by
tidal inflow MeHg contributions. Primary producers take up
0.29 ( 0.21 mol MeHg yr-1 and 5.5 ( 1.7 mol Hg yr-1, which
is a small portion of water column fluxes on an annual basis
(Figure 2). There is a net export of MeHg in tidal outflow of
4.5 ( 0.3 mol yr-1 or 93 ( 6 pmol m-2 d-1 (normalized to
water surface area). Since fluxes of MeHg from the sediments
to the water column through diffusion and resuspension are
smaller than inputs from settling of suspended solids, MeHg
inputs from rivers likely account for the majority of MeHg
exported in tidal outflow. Other studies have suggested that
the impacts of fluvial Hg discharges are limited to a relatively
1702
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small geographical region surrounding the river mouth
(44, 45). Burial fluxes for the study site shown in Figure 1
illustrate the high rates of solids deposition around the mouth
of the St. Croix river (the major freshwater tributary) but do
not preclude offshore transport of MeHg since a substantial
portion of MeHg inputs (>90%) is in the dissolved phase
(Figure 2).
Relative Importance of Inputs from Rivers, Tides, and
Atmospheric Deposition. Direct atmospheric deposition
accounted for a small fraction of cumulative external loading
between 1850 and 2000 (Hg: 4%; MeHg: 0.2%) compared to
rivers (Hg: 53%; MeHg: 26%) and inflowing tidal waters (Hg:
43%; MeHg: 75%) (Figure 3). However, atmospheric deposition indirectly accounts for the majority of external inputs,
because the watershed is much larger than the water surface
area. Differences between atmospheric and fluvial AEFs for
each year between 1850 and 2000 provide a first estimate of
local watershed sources and suggest that approximately 78%
of the cumulative loading from rivers is from atmospheric
deposition transported through the catchment. Constraining
the time required for atmospheric Hg to travel through
different types of watersheds is therefore important for
predicting temporal responses of estuaries to changes in Hg
deposition (14).
Temporal Trends in Hg Concentrations. Figure 3 shows
that water column Hg and MeHg concentrations in Passamaquoddy Bay peaked in the 1960s due to elevated discharges
from local industry (pulp and paper mills) along the St. Croix
river (46) and have declined substantially since this time.
Water column Hg concentrations respond rapidly to changes
in loading, requiring approximately 60 days to reach 95% of
steady state. These relatively fast changes occur because the
annual magnitude of Hg and MeHg flows out of the water
column exceeds the size of water column reservoirs resulting
in rapid turnover (Figure 2).
The deep active sediment layer in Passamaquoddy Bay
exacerbates slow changes in sediment and benthic food web
concentrations. Approximately 200 years are required for
sediment Hg and MeHg concentrations to reach 95% of steady
state. More than 90% of the total mass of Hg and MeHg is
contained in the sediment compartment (Figure 2). Fluxes
of Hg and MeHg through resuspension, diffusion, burial,
and particle settling are small compared to the reservoirs in
benthic sediments (Figure 2), explaining why sediment
concentrations respond much more slowly than the water
column to changes in external loading. Concentrations of
Hg and MeHg in benthic sediments reflect the integrated
signal of inputs from the water column. Sensitivity analysis
of model results (SI Figure S2) shows that the depth of the
active sediment layer drives the temporal response of benthic
sediments (e.g., steady state would be achieved in several
decades if the active sediment layer depth was 1 cm rather
than centuries for 15 cm (4)).
Dissolved pools of MeHg in water and sediments provide
the best measure of available Hg at the base of pelagic and
benthic food webs, respectively (27, 47). Model simulations
suggest that MeHg exposures and concentrations in pelagic
biota have declined by almost 40% since their peak in the
1960s because of declines in water column concentrations
(Figure 3). Figure 3 shows that MeHg concentrations in the
water column and pelagic organisms are expected to remain
stable at present emissions levels. In contrast, sediments
and benthic organisms will gradually increase at a rate of
0.13% per year, which leads to a 6% increase by 2050 relative
to 2000 levels. Even with substantial Hg emissions reductions
achieved by national and international agreements benthic
food web Hg concentrations will likely exhibit a long temporal
lag before declines are achieved, while rapid and proportional
declines in MeHg concentrations in the pelagic food web
can be expected. Other estuaries with substantial tidal

resuspension and perturbation of benthic sediments can be
expected to respond over time scales similar to those of
Passamaquoddy Bay, while those with a shallower active
sediment layer will respond more rapidly (SI Figure S2).
Results presented here also suggest that water column and
pelagic food web MeHg concentrations in estuaries with
significant fluvial and tidal influx (short water residence
times) will respond rapidly to changes in anthropogenic Hg
loading.
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Figure S1. Conceptual diagram of Hg transport and transformation processes included in estuarine
Hg cycling model.

2

Figure S2. Selected model sensitivity analysis results. Panel (A) shows changes in sediment and
water column MeHg concentrations with benthic sediment methylation rate changes. Panel (B)
shows changes in the temporal response of benthic sediment MeHg concentrations with changes in
the active sediment layer depth. Left panel shows historical simulation, while right panel shows
changes in concentrations for 400 years simulated by forcing the model with present-day (ca. 2000)
loadings.
Table S1. Sensitivity analysis of change in year 2000 seawater (Cw) MeHg concentrations with
changes in the sediment methylation rate (km), and reduction rate (kred)
Cw MeHg
km
kred

-60%
-2.14%
0.58%

-40%
-1.45%
0.35%

-20%
-0.72%
0.17%

+20%
+0.69%
-0.17%

+40%
+1.39%
-0.32%

+60%
+2.08%
-0.43%

3

Section I: Site-specific data
Table S2. Measured Hg concentration data.
Description

Mercury concentrations (mean±stdev)
Total Hg
MeHg

Benthic sediments
Bulk sediments (pmol/g)
209±65
1.50±0.45
Interstitial water (pM)
70±33
4.4±2.5
Partition coefficient (log KD, L/kg)
3.56±0.19
2.57±0.27
-1
n/a
0.0264
Potential methylation rate (d )
Seawater (pM)
June 2001 (n=10)
1.52±0.62
0.19±0.09
Nov. 2001 (n=4)
1.07±0.18
0.32±0.08
Aug. 2002 (n=8)
1.22±0.22
0.25±0.10
Partition coefficient (log KP, L/kg)
5.61 (Hg(II))
4.35
Tidal Inflow (pM)
Aug. 2000 (n=17)
1.21±0.29
n/a
June 2001 (n=29)
1.28±0.49
0.26±0.12
Aug. 2002 (n=26)
1.10±0.25
0.32±0.11
Atmospheric data
a
Total gaseous Hg (pmol m-3)
7.08
n/a
a
Average wet deposition (nmol m-2 yr-1)
30.9±6.7
n/a
-2
-1
Total annual deposition (nmol m yr )
54.8±0.5
0.50±0.35b
Rivers (pM)
Magaguadavic (Nov.)
18.8±13.9
1.36
Magaguadavic (May)
22.1±4.0
1.58
Magaguadavic (Aug.)
8.7±3.9
n/a
Digdegaush (Nov.)
25.4±11.1
1.35
Digdegaush (May)
29.1±4.1
1.27
Digdegaush (Aug.)
7.8±3.0
n/a
St. Croix (Nov.)
20.2
0.68
St. Croix (May)
21.0±1.0
1.39
St. Croix (Aug.)
10.6±4.9
n/a
n/a = not available. Benthic sediment data are from Sunderland et al. (1, 2). Seawater and river
data are from Dalziel et al. (3, 4). Partition coefficient for seawater is based on measured
concentrations in phytoplankton (5). Atmospheric data are from the Mercury Deposition Network
(MDN) station NB-02 in St. Andrews, New Brunswick (45.0833N, 67.0833W) (6, 7), Sunderland et
al. (8), and data from Environment Canada.
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Seawater collection and analysis methods:
Sampling sites in Passamaquoddy Bay and the outer Bay of Fundy representative of tidal waters
flowing into Passamaquoddy Bay were occupied on three expeditions from 2000 to 2002. The site
locations were selected to sample the Scotian Shelf inflow to the Bay of Fundy and the deep-water
inflow from Northeast Channel. Unfiltered water samples for both total and methyl mercury were
collected using a General Oceanics Lever Action Niskin® modified for trace metal sampling. The
Niskin modification involved Teflon - end caps, drain spout and internal coating. To further reduce
the possibility of contamination, established clean sampling methods were employed (9). Subsampling was carried out in a clean area of boat and the water collected for Hg drawn first from the
Niskin. The water samples were collected into a precleaned Teflon bottles and double bagged until
the samples could be preserved. Samples were preserved with 2 ml L-1 BrCl (total Hg) and 2 ml L-1
9M H2SO4 (MeHg) within 2 hours of collection when the boat became stable or at dockside. All
samples were analyzed in a dedicated mercury laboratory using EPA Methods 1631 for total Hg and
1630 for methyl Hg. For total Hg analysis, samples were digested at 60°C for 24 hours and if
excess BrCl was not evident in the sample, additional BrCl was added and the heat-digestion step
repeated. Methyl Hg samples were stored at -4 °C prior to analysis. Further Methods and detection
limits (total Hg: 0.20 pM; MeHg 32 fM) for Passamaquoddy Bay samples were those described in
Sunderland et al. (1) for aqueous samples.
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Table S3. Summary of study-site characteristics.
2

Physical/Biological Properties

Water surface area (m )
1.32 x 108
Sediment surface area (m2)
1.48 x 108
2
Intertidal surface area (m )
1.54 x 107
3
Water volume (m )
2.81 x 109
Active sediment layer depth (m)
0.015
3
2.22 x 109
Sediment volume (m )
Average wind speed (m s-1) (7 m above surface)
4.56±1.14
Average water depth (m)
30 m
Average water temperature (°C)
9
Average salinity (‰)
30
-2
-1
Net primary productivity (g C m yr )
296
Average shortwave radiation intensity (W m-2)
211
Average daylight hours (St. Andrews, NB)
12.21
Shortwave radiation adj. for cloud cover and daylight (W m-2) 70
Hydrologic Properties
3
-1
Seawater outflow (m yr )
6.41 x 1010
Precipitation inputs (average 1996-2004, m3 yr-1)
1.41 x 108
3
-1
Freshwater inflow into estuary (m yr )
4.68 x 109
Flushing time (days)
16
3
-1
Tidal inflow (m yr )
5.92 x 1010
Solids Characteristics
1.76 x 10-6
Water column suspended solids concentration (kg L-1)
Suspended solids density (kg L-1)
1.5
Organic carbon content of suspended solids (unitless)
0.14±0.05
Median suspended solids particle diameter (m)
5.0
Solids concentration in benthic sediment (kg L-1)
0.67
-1
Benthic sediment solids density (kg L )
2.65
3.67 x 10-6
Tidal waters suspended solids concentration (kg L-1)
-1
Freshwater inflow suspended solids concentration (kg L )
3.40 x 10-6
Benthic sediments organic carbon content (unitless)
0.018±0.006
-1
Basin-wide average burial rate of benthic sediments (cm yr ) 0.082
Intertidal sediment burial rate (cm yr-1)
0.55 (0.37-0.65)
-1
Intertidal sediment bulk density (kg L )
0.57 (0.49-0.64)
Physical data from: Gregory et al. (10), Sunderland et al. (2), Robinson et al. (11), and (GoMOOS
JO2: http://www.gomoos.org/gnd); Hydrologic data from: Gregory et al. (10) and Ketchum and
Kern (12) and average precipitation rate (1.065 m yr-1) measured at St. Andrews, NB (45.09°N
67.00°W) between 1996-2004 (6, 7); Solids balance data from: Sunderland et al. (1, 2), Showell and
Gaskin (13), Dalziel et al. (3, 4), Gobas et al. (14) and Hung and Chmura (15).
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Section II: Differential equation for total Hg, Hg(0), Hg(II), and MeHg
Total Mercury
For total Hg, the model simulates time-dependent (t) changes in the water (Mw, mol) and
sediments (Ms, mol) reservoirs as follows:

dM w
= (A + R + T) + (k res + k diff )M s  (kev + k o + k sett )M w
dt
dM s
= ksett M w  (k res + k bur + k diff )M s
dt
Where,
A
= atmospheric deposition (mol d-1)
R
= river discharges (mol d-1)
T
= tidal inflow (mol d-1)
= rate coefficient for benthic solids resuspension (d-1)
kres
kdiff
= rate coefficient for sediment-to-water diffusion of Hg(II) and MeHg (d-1)
kev
= rate coefficient for evasion of Hg(0) from the water column (d-1)
= rate coefficient for seawater outflow (d-1)
ko
ksett
= rate coefficient for settling of suspended particles (d-1)
= rate coefficient for burial of benthic solids (d-1)
kbur
Hereon, for each major form of Hg, we denote total external loading of dissolved and particulate
phase Hg as “L” (mol d-1).
Methylmercury (MeHg)
Water column:
dM wMeHg
= LMeHg + (k res(MeHg ) + kdiff (MeHg ) )M sMeHg  (k o(MeHg ) + k sett(MeHg ) + kdmw )M wMeHg
dt
Benthic sediments:
dM sMeHg
= k sett(MeHg ) M wMeHg  (k res(MeHg ) + k bur(MeHg ) + k diff (MeHg ) )M sMeHg  k dm M sdMeHg + k m M sdHgII
dt
Where,
km
= rate coefficient for methylation (d-1)
kdm
= rate coefficient for demethylation (d-1)
Msd
= dissolved reservoir of Hg in benthic sediments, used as a proxy for the bioavailable pools
for methylation and demethylation. The dissolved pool is calculated at each time step in the
simulation based on empirically measured partition coefficients (Kd) for MeHg and Hg(II)
(1, 2).
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Elemental Mercury (Hg(0))
Water column:
dM wHg 0
= L Hg 0 + k red M wHgII  (k o( Hg 0) + k ev( Hg 0) + k ox )M wHg 0
dt

Where,
= rate coefficient for oxidation of Hg(0) in the water column. We include terms for both
kox
photo-oxidation (16) and dark oxidation (17, 18) in the overall oxidation rate.
kred
= rate coefficient for reduction of Hg(II) in the water. Terms for photolytic and biotic
reduction (16, 19) are included in the overall reduction rate.

= fraction of Hg(II) in the water column that is reducible.
Benthic sediments:
We do not include Hg(0) in benthic sediments because there are no data on Hg(0)
concentrations in marine sediments.
Divalent mercury (Hg(II))
Water column:
dM wHgII
= L HgII + (k sw( HgII ) + kdiff ( HgII ) )M sHgII  (ko( HgII ) + kws( HgII ) + k red )M wHgII
dt
+k dm M sdMeHg + k dmw M wMeHg + k ox M wHg(0)

Benthic sediments:
dM sHgII
= k ws( HgII ) M wHgII  (k sw( HgII ) + kdiff ( HgII ) + kb( HgII ) )M sHgII + k m M sdHgII + k dm M sdMeHg
dt
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Section III: External loading from rivers, tides and atmospheric deposition
Rivers
Table S4. Cumulative freshwater discharges (m3 mo-1 x 108) into Passamaquoddy Bay reported by
Gregory et al. (10).
Winter
Spring
Summer
Fall
Jan
Feb Mar Apr May Jun
Jul
Aug Sept Oct
Nov Dec
3.34
3.03 4.32 8.82 6.37 3.51 2.54 2.21 2.06 2.78 3.68 4.12
Percent discharge by season:
22.9%
40.0%
14.5%
22.6%
The three major freshwater tributaries flowing into Passamaquoddy Bay are the Digdegaush
(13.1%), Magaguadavic (25.2%) and St. Croix Rivers (61.7%) (20). Solids and dissolved phase
inputs were determined based on the suspended solids concentrations and partition coefficients for
Hg(II) and MeHg derived from the particulate organic carbon content of suspended solids (13).
Concentrations of suspended particulate matter measured in freshwater discharges ranged between
1.19 and 6.19 mg L-1with a weighted annual average concentration of suspended particulates of
3.43±1.03 mg L-1
Historical Loading
We calculate historical loading by applying anthropogenic enrichment factors (AEFs) from
sediment records (for atmospheric and fluvial inputs) (2, 8) and a linear extrapolation of
anthropogenic enrichment modeled in the North Atlantic Ocean (21). We divide measured inputs
(ca. 2000) by the AEF for 1850 and then extrapolate results to intermediate years using the AEF
corresponding to each year. We calculate upper and lower 95% confidence intervals for loading
based on the measured variability in year 2000 inputs. We interpolate between years assuming a
linear rate of change in loading.
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Speciation
Table S5. Speciation of loading from tides, rivers and atmospheric deposition. For all simulations,
speciation of Hg in inputs assumed to be constant based on measured concentrations of total Hg and
MeHg. High, mean and low estimates are based on variability in the measured data.

Mean
Low 95% CI
High 95% CI
Mean
Low 95% CI
High 95% CI
Mean
Low 95% CI
High 95% CI

MeHg
Hg(0)
Atmospheric deposition
0.9%
n/a
0.2%
n/a
1.4%
n/a
Fluvial inputs
6.5%
10.0%
5.6%
10.0%
8.6%
10.0%
Tidal inputs
24.3%
13.0%
20.7%
7.0%
26.3%
19.0%

Hg(II)
99.1%
99.8%
98.6%
83.6%
84.4%
81.4%
62.8%
72.3%
54.7%

n/a = not applicable. Net flux of Hg(0) is modeled explicitly in the derivation of the evasion rate
coefficient (see section IV). Based on Amyot et al. (22), we assume that Hg(0) is 10% of the total
loading.
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Section IV: Derivation of model rate coefficients
Table S6. Summary of model rate coefficients for year 2000 simulation (d-1). Descriptions of
methods and data used to derive each rate constant are provided below.
Process
Seawater outflow
Evasion of Hg(0)
Solids settling Hg(II)
Solids resuspension Hg(II)
Burial Hg(II)
Sediment-to-water diffusion Hg(II)
Benthic sediment methylation
Benthic sediment demethylation
Solids settling MeHg
Photodecomposition of MeHg in water
Solids resuspension MeHg
Burial MeHg
Sediment-to-water diffusion MeHg
Photo-oxidation of Hg(0) in water
Photo-reduction of Hg(II) in water
Dark oxidation of Hg(0) in water
Biotic reduction of Hg(II) in water

Rate Coefficients
ko = 0.0625
kev = 0.0490
ksett = 0.0402
kres = 9.74 x 10-6
kbur = 2.38 x 10-5
kdiff = 1.55 x 10-6 – 7.33 x 10-6
km = 0.0264
kdm = 0.34
ksett(MeHg)= 0.0036
kdmw = 0.0015
kres= 9.70 x 10-6
kbur(MeHg) = 2.37 x 10-5
kdiff(MeHg) = 1.55 x 10-5 – 9.14 x 10-5
kox1 = 0.6081
kred1 = 0.6408
kox2 = 0.4840
kred2 = 0.0287

Sediment burial
Benthic sediment burial rates were measured using vertical gradients of dissolved
ammonium and sulfate in gravity cores collected at multiple stations (n=20) following the method
developed by Cranston (23, 24). Details of sampling and analytical techniques are reported in
Sunderland et al. (2). The intertidal area was calculated from the difference between water surface
area at low and high tide from Gregory et al. (10) and accounts for 10% of the total sediment
surface area in the Bay.
The coefficient for sediment burial (kb) is based on burial rates measured in gravity cores
collected at multiple stations (n=27) (2). For the main bay, we constructed a spatial grid of
sediment accumulation using Kriging as a spatial interpolation method and estimated annual
sediment burial across the system by summing volume estimates for each cell defined in the spatial
grid (see burial flux diagram Figure 1). We also include sediment burial in intertidal mudflats based
on measured Hg concentrations and accumulation rates reported in Hung and Chmura (15). The
total burial flux is the sum of burial in intertidal areas and the main bay. We divide this total flux
by the surface area of the sediments to calculate an average basin wide burial rate (vb, m d-1), which
we assume to be constant between 1850 and 2050. Rate coefficients for sediment burial of Hg(II)
and MeHg (kb, d-1) are calculated from vb, the sediment surface area (SAsed, m2), the sediment
volume (Vsed, m3), and the fraction of Hg(II) or MeHg in the dissolved phase of benthic sediments,
as follows:

kbur = SAsed • v b • (1 f diss(sed ) ) /Vsed
11

The fdiss(sed) is based on the empirically measured partition coefficients for Hg(II) and MeHg
in benthic sediments (KD, L kg-1, Table S2) and the concentrations of solids in benthic sediments
(Css, kg L-1):
f diss(sed ) =

1
(1+ K D CSS )

Settling of suspended solids
Rate coefficients for settling (kws, d-1) of Hg(II) and MeHg are based on the particle settling
velocity (vs, m d-1), water surface area (SAW, m2), water volume (Vw, m3), and the fraction of
dissolved Hg(II) or MeHg in the water column (fdiss, dimensionless):
ksett = SAW • v s • (1 f diss ) /Vw

where fdiss is the calculated from the empirically measured particle-water partition coefficient (KP, L
kg-1) and the concentration of suspended solids in the water column (SPM, kg L-1):
f diss =

1
(1+ K P SPM)

Particle size spectra of nepheloid layer sediments were measured by the Particle Dynamics
Laboratory at the Bedford Institute of Oceanography using Coulter analysis (25) at 24 stations in
Passamaquoddy Bay in August 2000. Median particle diameter was determined to be 5 m based
on this analysis, which we use to calculate the average settling velocity of particles.
We calculate the average settling velocity for particles (vs) based on the measured mean
particle diameter and Stoke’s law for particles falling in a viscous fluid (26):
vs =

2
9

(d pw  dsw )
2
grpw


vs = settling velocity of suspended solids (m s-1)
dpw = density of suspended particles in seawater (kg m-3)
dsw = density of seawater (kg m-3)
 = dynamic viscosity of seawater (Pa s-1)
g = gravitational acceleration (m s-2)
rpw = average radius of suspended solids (m)
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Figure S3. Summary of particle size distributions
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Solids resuspension
Rate coefficents for resuspension (ksw, d-1) of Hg(II) and MeHg are calculated as follows:

kres = Re sFlux /Css • (1 f diss(sed ) ) /1000Vsed
where we assume that the solids resuspension flux (ResFlux) is equal to the difference between the
settling and burial fluxes of solids (kg) (14).
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Sediment-to-water diffusion
Rate coefficients for diffusive fluxes of Hg(II) and MeHg from sediments into the water are
calculated by dividing fluxes by the respective reservoirs of Hg species at each time step in the
model simulation. Diffusional fluxes (F) of total Hg and MeHg are based on the parameterization
described in Gill et al. (27) and Hammerschmidt et al. (28) and Fick’s first law:
 D  dC
F =  2w
   dx

where F is the flux of solute (pmol m-2 d-1); dC is the maximum concentration gradient of Hg
species between depths (dx) and is assumed to be in the top 1 cm of the sediments;  is the
measured sediment porosity (0.74);  is tortuosity (1-ln(2)); and Dw is the diffusion coefficient of
the solute in water.
We model high and low ranges of diffusional fluxes for Hg(II) and MeHg using diffusion
coefficients (cm2 s-1) calculated for different Hg species-complexes in sediment pore waters at
25°C. To calculate a lower bound for both Hg(II) and MeHg diffusion, we use a diffusion
coefficient of Dw = 2.0 x 10-6, which was derived for macromolecular organic matter in the colloidal
size range (27). As an upper bound, we use diffusion coefficients of Dw = 1.2 x 10-5 (28) for MeHg
and Dw = 9.5 x 10-6 (27) for Hg(II) based on CH3HgSH0 and HgCl42-, respectively. Although other
studies have suggested these species may not be the dominant complexes in porewaters, diffusion
coefficients vary at most by a factor of two (T. Hollweg, UConn., PhD thesis) and thus the values
for Dw chosen here are suitable for bounding high and low extremes of potential fluxes.
We calculate a temperature corrected diffusion coefficient based on the annual average
water temperature of Passamaquoddy Bay (Table S3):

Dw(T ) = Dw(25) /(1+ 0.048 • (25  T))
Methylation and demethylation rates
Methylation rate coefficients are based on measurements in sediment cores spiked with
stable Hg(II) isotopes (2, 29) (Table S2). A detailed description of the experimental design and rate
calculations can be found in Heyes et al. (29). This method assumes that the added isotope is
representative of the bioavailable pool of Hg(II), and that substantial depletion did not occur during
the assay period. Spike concentrations were kept low (10-20% of in situ concentrations) to
minimize the potential increase in Hg bioavailability with Hg(II) addition. Heyes et al. (29) showed
across several estuaries that MeHg concentration is a good predictor of net methylation activity and
that changes in MeHg concentrations are driven more by differences in the methylation rate than the
demethylation rate. Heyes et al. (29) further hypothesized that the MeHg demethylation
experiments actually underestimate MeHg demethylation compared to ratios Hg to MeHg
concentrations in field samples, because a) the assumption of the back reaction of methylation is
unimportant was not valid or b) some of the added MeHg becomes unavailable for demethylation
over time. We also hypothesized that methylation and demethylation likely occur in similar zones of
microbial activity thus newly methylated Hg maybe the most available for demethylation.
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We therefore calibrated the demethylation rate to ensure that the ratio of methylation to
demethylation matched the seasonally averaged measured percent MeHg in interstitial water. The
fraction of total Hg present as MeHg in estuarine sediments has been shown to be a reliable
indicator of net methylation in a variety of studies (2, 28, 29). We use the dissolved pools of Hg(II)
and MeHg in sediment pore waters as the bioavailable pool subject to microbial processes resulting
in methylation and demethylation (30).
We do not include in situ water column methylation because this system does not have the
low oxygen conditions required to support net methylation (32, 33).
Seawater outflow
The rate coefficient for seawater outflow (d-1) of all species is the ratio of seaward flow to
the estuarine volume and is based on the tidal flushing rate and the associated annually averaged
daily net translocation of tidal water (12). Ketchum and Keen (12) estimated the flushing time to be
16 days based on salinity measurements and freshwater inputs. The net volume of seaward flow (To)
is estimated from this flushing time, which represents the length of time required for the estuary to
exchange its volume (i.e., Vw/To = flushing time; where, Vw represents the average water volume of
the estuary).
Photodecomposition of water column MeHg
The photodecomposition rate of MeHg in the water column is parameterized based on
average shortwave radiation penetration in the water column (RAD, W m-2), using data from Sellers
et al. (31) (kdmw = 8.52x10-4 x RAD). This relationship was derived in freshwater environments and
is therefore highly uncertain when applied to marine seawater. However, bounding of
photodecomposition based on the rate information provided in Sellers et al. (31) suggests that
photodecomposition is a negligible component of water column MeHg losses on an annual basis
(see Figure 2 main text). Methods and data used to calculate light attenuation in the water column
are provided in Tables S3 and S7.
Oxidation and reduction rates
To characterize inorganic Hg redox reactions in the water column, we use dual isotope
addition data from Whalin et al. (16), who confirmed that Hg oxidation (kox) and reduction (kred)
reactions occur simultaneously in seawater. We parameterize photo- reduction and oxidation as a
function of total shortwave radiation and biotic reduction as a function of net primary productivity.
By least-squares fit to rates reported in Whalin et al. (16), we derived relationships between
photoreduction, photoxidation and total shortwave radiation. Similarly, we derived from these data
a relationship between the biotic reduction rate and productivity using values for the outer and shelf
region of Chesapeake Bay characteristic of the measurement period (34). We assume that the
reducible pool of water column Hg(II) is 50% based on data showing colloidally bound species can
account for >50% of Hg(II) in coastal waters and chloride complexes in marine waters may be more
resistant to reduction (16, 35).
We calculated an average light intensity throughout the water column of Passamaquoddy
Bay using the local shortwave radiation flux and light attenuation based on spectral light
absorption/scattering coefficients for seawater, DOC and pigments, and their respective
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concentrations. Spectral light absorption coefficients listed below are from from the EXAMS model
(see: http://www.epa.gov/ceampubl/swater/exams/index.html). We also include dark oxidation of
Hg(0) based on Lalonde et al. (17, 18).
Table S7. Summary of model parameters used to calculate oxidation of Hg(0) and reduction of
Hg(II) in the water column.
Parameter
Description
Formulation
0.354 • RAD (16)
kox1 (d-1)
photo-oxidation rate constant
-1
kox2 (d )
dark oxidation rate constant
0.484 (17, 18)
0.373• RAD (16)
photolytic reduction rate constant
kred1 (s-1)
kbio (s-1)
biotic reduction rate constant
3.54 102 • NPP (16)
1
RAD x1 x 2
RADi (W m-2)
total local shortwave radiation penetration
•
[e  e ]
in the mixed layer
x 2  x1

average annual shortwave radiation at the
70
RAD (W m-2)
water surface
x1 (m)
surface depth
0m
x2 (m)
average water depth
30 m
water + Chl CChl + DOC CDOC
extinction coefficient for radiation
 (m-1)
-1
water (m )
extinction coefficient for water
0.0145 (450 nm)
Chla (m-1)
extinction coefficient for pigments
31 (450 nm)
average concentration of Chl a in mixed
0.65 x 10-3 (13)
CChla (mg L-1)
layer
DOC (mg L-1)
extinction coefficient for dissolved organic
0.654 (450 nm)
carbon (DOC)
CDOC (mg L-1)
average DOC concentrations in water
2.0 (36)
column
NPP (gC m-2 d-1)
average annual net primary productivity
0.81 (36)
Evasion of Hg(0)
We model air-sea exchange of Hg(0) using the evasion scheme developed by Nightingale et
al. (37) (referred to as ‘N00’ in Table S8) and wind speed data from a nearby (44°53'21" N,
67°00'44"W) Gulf of Maine Ocean Observing Station (GoMOOS JO2:
http://www.gomoos.org/gnd). We compared this evasion flux to the scheme developed by Liss and
Merlivat (38) (L&M86).
Total gaseous atmospheric Hg data are from MDN measurements in St. Andrews, NB (6, 7),
and water column Hg(0) concentrations are based on redox reaction rates. We use the temperature
corrected Henry’s Law constant for Hg(0) in seawater (39), a temperature corrected Schmidt
number for CO2 (40), and the temperature and salinity specific kinematic viscosity and diffusivity
for Hg(0) calculated using the Wilke-Chang method (41).
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Table S8. Summary of parameters used to calculate air-sea exchange of Hg(0)
Parameter
Description
Formulation
-2 -1
Fv = K w (Cw  Ca / H (T))
Fv (nmol m d ) Hg(0) air-sea exchange flux
Cw (pM)
concentration of Hg(0) in
See differential equations
seawater
Ca (ng m-3)
concentration of Hg(0) in air
Mean MDN data NB-02 (Table S2)
2403.3
H'(T)
Temperature dependent
ln H  = (
+ 6.92)
dimensionless Henry’s law
T
constant from Andersson et al.
(39)
T (ºC)
average water temperature
9 (11)
T (K)
water temperature in Kelvin
273 + T
water-side mass transfer
Kw (cm hr-1)
0.25u102 (Sc /ScCO2 )0.5
(N00)
coefficient for steady winds
-1
water-side mass transfer
For u10 >3.6 <13:
Kw (m s )
(L&M 86)
coefficient
2.8 106 • (5.9u10  49.3) • (Sc /ScCO2 )0.5
10.4uz
u10 (m s-1)
wind speed normalized to 10 m
u10 =
above sea surface, where z =
ln(z) + 8.1
measurement height (7m) and uz
= wind speed at measurement
height.
ScCO2
Schmidt number for CO2
0.11T 2  6.16T  + 644.7 (40)
ScHg(0)
Schmidt number for Hg(0)
 /D
2 -1
kinematic viscosity
 (cm s )
N/ = 0.017e(0.025T  ) (40)
 (cP)
viscosity of water
1.88 103  0.04 103 T 
 (mg cm-3)
seawater density
1025
2 -1
diffusivity (Wilke-Chang (41)
D (cm s )
7.4 108 ( w M w )1/ 2 T
method)
VB0.6
Mw (g mol-1)
molecular weight of water
18.0
3
-1
VB (cm mol )
molal volume of mercury at its
12.74 (42)
normal boiling temperature
w
solvent association factor
2.26 (43)
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